Abstract. Simulation modeling was used to reconstruct Black-browed Albatross (Diomedea melanophris) population trends. Close approximations to observed data were accomplished by annually varying survival rates, reproductive success, and probabilities of returning to breed given success in previous years. The temporal shift in annual values coincided with the start of longline fishing at South Georgia and potential changes in krill abundance. We used 23 years of demographic data from long-term studies of a breeding colony of this species at Bird Island, South Georgia, to validate our model. When we used annual parameter estimates for survival, reproductive success, and probabilities of returning to breed given success in previous years, our model trajectory closely followed the observed changes in breeding population size over time. Population growth rate was below replacement (lambda Ͻ 1) in most years and was most sensitive to changes in adult survival. This supports the recent IUCN uplisting of this species from ''Vulnerable'' to ''Endangered. '' Comparison of pre-1988 and post-1988 demography (before and after the inception of a longline fishery in the breeding area) reveals a decrease in lambda from 0.963 to 0.910. A life table response experiment (LTRE) showed that this decline in lambda was caused mostly by declines in survival of adults. If 1988-1998 demographic rates are maintained, the model predicts a 98% chance of a population of fewer than 25 pairs within 78 years. For this population to recover to a status under which it could be ''delisted,'' a 10% increase in survival of all age classes would be needed.
INTRODUCTION
Over the past two decades, it has become increasing clear that numbers of albatrosses are declining and their populations are at risk. Of the 24 species of albatrosses worldwide, 21 species are showing declines in greater than 50% of their populations and most species are now classified as globally threatened (Croxall and Gales 1998 , BirdLife International 2000 , 2004 , IUCN 2002 ). Threats to albatross populations include fisheries-related mortality, changes in prey base, plastic ingestions, human predation/disturbance, nonhuman predators, fire, floods, volcanic activity, habitat degradation, oil/chemical pollution, and disease (Croxall 1998 .
Of these threats, perhaps the greatest and one of the best documented is mortality in longline fisheries (Brothers 1991 , Cherel et al. 1996 , Weimerskirch et al. 1997 , 2000 , Tuck et al. 2001 , Inchausti and Weimerskirch 2001 (Thompson and Riddy 1995, Reid et al. 1996) . Additionally, they are pelagic species that tend to feed over shelf-slope areas, the same areas used by longline vessels .
Although most threats to albatrosses are now well recognized (Croxall 1998 , Croxall and Gales 1998 , the direct link between these threats and observed population declines has been harder to establish. Effective management actions rely on an understanding of the magnitude of the population-level effect of specific threats, the sensitivity of the population to changes in vital rates of individuals in different life history stages, and the effect of threats on specific life history stages. In this paper, we introduce and describe a model based on the Black-browed Albatross (Diomedea melanophris; see Plate 1), but with general applicability to all albatross species.
With 680 000 pairs breeding worldwide (Croxall and Gales 1998) , the Black-browed Albatross is the most populous albatross species. However, mainly because of recent declines in size of the breeding colonies at the Falkland Islands, the species was moved from an IUCN listing of Lower Risk/Near Threatened to Vulnerable (Croxall and Gales 1998 , BirdLife International PLATE 1. Offal from fishing boats provides an attractive food source for Black-browed Albatrosses (Diomedea melanophris). Photo credit: Stephen Oswald.
2000, Woehler et al. 2002) ; in the 2004 revision of the IUCN Red List, this status was changed to Endangered (BirdLife International 2004) . The breeding population at the Falkland Islands, comprising ϳ80% of all Blackbrowed Albatrosses, has declined by 25% in the past 20 years , Huin 2001 , IUCN 2002 ). The Bird Island, South Georgia, population (12% of all Black-browed Albatrosses) has also declined over a similar period. These declines may be related to fishing activities around their breeding grounds and wintering areas (Croxall and Gales 1998) , as well as to changes in the availability of Antarctic krill (Euphausia superba), the primary food source at South Georgia (Croxall et al. 1997) .
Studies have shown that Black-browed Albatross is the most frequent bycatch species (Brothers 1991, Gales et al. 1998 , Weimerskirch et al. 2000 . The high bycatch level of Black-browed Albatross in Southern Ocean fisheries may be explained by some combination of their feeding habits, shelf-slope distribution, propensity for following fishing vessels, and abundance. Black-browed Albatross colonies at the Falklands and elsewhere have benefited over the years from scavenging opportunities brought about by trawl fisheries in the vicinity of their breeding grounds (Thompson 1992 , Thompson and Riddy 1995 , Huin 2002 , and recent data (Sullivan and Reid 2004 ) based on observations of current interactions around the Falklands suggest that substantial levels of albatross bycatch may have been associated with these fisheries as a result of collision with netsonde cables. In the Falkland Islands, finfish and squid fisheries were estimated to have provided up to 15% of the forage base for the Black-browed Albatross in the early 1990s (Thompson and Riddy 1995) . A potentially beneficial finfish/trawl fishery, such as that described for the Falklands, began in South Georgia in the mid-1960s, but had collapsed by the late 1980s . Although the potential benefits no longer existed, the bycatch-related mortality remained an increasingly important issue because of new and expanding longline fisheries in this area and elsewhere.
Although direct estimates of bycatch levels from these fisheries have been difficult to obtain, some evidence suggests that no longline fishery existed in the summer foraging area prior to 1987/1988. Longline fishing for Patagonian toothfish (Dissostichus eleginoides) in the South Georgia area started in 1988/1989. Effort increased rapidly over the next decade. However, despite indications of high levels of seabird (especially albatross) bycatch, reliable annual estimates only became available from 1997 onward (CCAMLR 2004, Croxall and Nicol 2004) . In 1997, the estimated seabird bycatch in the South Georgia area (CCAMLR Sub-area 48.3) was 5755 birds, 40.4% of which were Blackbrowed Albatross. This suggested a minimum bycatch estimate of 2325 Black-browed Albatross (CCAMLR 1997) .
The temporal pattern in population decline coincides with increases in longline fishing effort in Sub-area 48.3 and other areas where birds once benefited from trawl fishery discards , Huin 2001 . The shelf and shelf-slope areas, to which Black-browed Albatrosses appear largely restricted, are becoming more frequently used by longline vessels throughout the year , Nel et al. 2002 . With regard to the South Georgia colonies, the Patagonian toothfish fishery operated in summer foraging areas from 1988 (in recent years, the regulated fishery has been restricted to the winter months, particularly to reduce the magnitude of seabird bycatch [CCAMLR 2004]) ; longline tuna and hake fisheries have operated since the mid-1990s in their wintering grounds, mainly in South African shelf-slope waters (Barnes et al. 1997 ; and trawl fisheries have operated in the Benguela Current system for decades. Although these observations verify that fishing activity occurred in regions occupied by Black-browed Albatross, we cannot assess the influence of these fisheries on Black-browed Albatross populations because no data on bycatch numbers or rates are available.
Additional factors also may affect the population trend of Black-browed Albatross. Recent literature has suggested a decline in sea-ice cover that may relate to declines in krill populations (see Loeb et al. [1997] and Atkinson et al. [2004] for temporal trend data). Krill and krill-eating fish constitute a significant part of the diet of the Black-browed Albatross (Reid et al. 1996, Croxall et al. 1997) . The direct and indirect dependence of Black-browed Albatross on krill is illustrated by the positive correlation between poor ice years and years of low reproductive success for Black-browed Albatross (Prince 1985 , Croxall et al. 1988 , 1998 , Reid and Croxall 2001 . Thus, changes in krill abundance may also impact albatross populations through reproductive success. Untangling the relationship between krill and albatross population declines is very complicated, and the direct link between sea-ice changes, krill, and seabird population effects is difficult to make. The most recent literature, however, suggests that declines in krill abundance will mainly affect reproductive success rather than adult survival. Thus, although we will not directly address impacts of krill declines in this study, our model is designed to illustrate potential contributions of changes in reproductive success to population trends and to relate those to the potential contributions of changes in survival.
Given the time trends in survival and reproduction, and the current threats to albatross persistence, the aims of this paper are: (1) to develop an age/stage classified matrix population model with a biological structure designed to be generally applicable to all albatross species; (2) to validate this model using 23 years of life history data (although not all vital rate data were collected to the resolution of one year; see Methods) for the Black-browed Albatross at South Georgia ; (3) to explore whether time trends in demographic rates coincided with the start of the longline fisheries (for Patagonian toothfish) at South Georgia 1988/1989; (4) to place fisheries threats in the context of other threats to species persistence (including changes in prey base); (5) to determine the sensitivity of lambda (, population rate of increase) to changes in vital rates, and to the life history parameters that have made the greatest contribution to differences in lambda over the past two decades; (6) to project time to extinction under different scenarios of reduced reproductive success or increased mortality; and (7) to examine the status of the Black-browed Albatross in terms of IUCN criteria for threatened species.
METHODS

Field data
We used 23 years of demographic data from Colony H, one of 25 Black-browed Albatross colonies at Bird Island, to validate this albatross model (see Table 1 for parameter estimates). Together, the Bird Island colonies comprise 15% of the total South Georgia population, which includes some 15 other main breeding sites. Colony philopatry of adults, once they have bred, is very high, with no movements between different sites at South Georgia and very rare movements even between adjacent colonies at Bird Island (Prince et al. 1994; J. P. Croxall, P. A. Prince, A. G. Wood, and T. Burg, unpublished data) . Most chicks return to breed at their natal colony, but some (5-10% of a cohort) move to adjacent colonies and a few (Ͻ1% of a cohort) to other sites at South Georgia. None of Ͼ30 000 Black-browed Albatrosses banded at Bird Island have ever been re-trapped at a breeding location away from South Georgia. However, genetic similarities between birds from southern Chile, South Georgia, and Indian Ocean subantarctic islands indicate that some interchange has occurred, at least over historical time (Burg and Croxall 2001) . For modeling purposes, however, South Georgia can be regarded as a closed population and Bird Island very nearly so. For details of the breeding colonies at Bird Island, see Hunter et al. (1982) .
Annual survival rates of adults and juveniles were estimated using capture-recapture models (see Prince et al. 1994 . Annual values for breeding frequency, population size, reproductive success, and adult and juvenile survival from 1976 to 1996 are summarized in Rothery and Prince (1990) and . For the present analysis, all data up to (and including) 1998 were used, based on the 2000 update of the Bird Island data. Each annual update corrects errors in the historical data, adds data for the latest year, and reruns the analyses described in , thereby incorporating the data from the latest year of the capture-recapture fieldwork. Annual values were available and used for all vital rates, except in the case of late and early juvenile survival. For late juvenile survival (s LJ ), calculations for this vital rate were limited by age at maturity. By year 2000, many marked birds may have been alive, but had not yet begun breeding; thus, only individuals from the 1984 cohort and earlier (i.e., age 16 years and older) were included in the analysis. For this vital rate, we used a mean value of 0.780 (the mean of all estimates for late juvenile survival until 1984). For early juvenile survival (s J ), we were missing estimates for 1976, 1980, 1991, and 1995-1998 ; for years without annual estimates, we used a mean value, 0.584, calculated from survival estimates for the years 1984 and earlier. For both early and late juvenile stages, these values are likely to be overestimates of survival rate as survival declined after 1984. Thus, they are likely to lead to an underestimate of the extent of total population decline and of the relative role of juvenile survival in this decline.
Model structure
The population model structure ( Fig. 1 ) is a mix of age and stage classes, and assumes equal survival probabilities for males and females. It has a pre-breeding census format (Caswell 2001) , meaning that population values are assessed, with an annual time step, prior to breeding events. New individuals produced during a breeding event in year t are thus first counted in year t ϩ 1 (J2; Fig. 1 ). Prior to reproductive maturity, individuals move through two annual early juvenile classes, J2 and J3, with identical survival probability, then through a late juvenile stage (LJ) lasting at least four years before birds can become breeders at age 7 years or older. Some remain in the LJ stage over a longer period; Black-browed Albatrosses at Bird Island begin breeding between the ages of 7 and 19 (J. P. Croxall, P. A. Prince, and A. G. Wood, unpublished data) . This process is modeled by a late juvenile stage made up of four identical ''pseudostages'' (see Fig. 1 ) of a duration described by a negative binomial distribution (with skew to the right; Caswell 2001). This formulation causes the LJ stage to last a minimum of four years and to have a mean duration of 4/m LJ , where m LJ is the probability of moving to the next pseudostage. As a result, individuals in a cohort will enter the breeding stage gradually rather than at a fixed age (see Validation of model). Early and late juvenile birds have different survival probabilities (the annual survival rates); all adult stages have the same survival probability.
Like other albatross species, these birds are longlived and slow to reproduce. They lay a single egg per breeding season, and occasionally take years off between breeding attempts ). The modeled breeding stage, B, has a one-year duration, and is the only reproductive stage. Whether albatrosses attempt to breed in a given year is influenced by the success of their breeding attempt in the previous year. Thus, following a breeding attempt, surviving individuals have three possible fates in the model. They can (1) become successful nonbreeders, SNBa, after a successful breeding event, modeled with the function f B (1 Ϫ Pr S ), where Pr S is the probability of remaining in the breeder stage if successful at breeding; (2) become unsuccessful nonbreeders, UNBa, after an unsuccessful breeding event modeled with the function (1 Ϫ Pr U )(1 Ϫ f B ), where Pr U is the probability of remaining in the breeder stage if unsuccessful; or (3) remain in the breeding stage B for another year, modeled with the function (f B Pr S ) ϩ ((1 Ϫ f B )Pr U ). Although the difference between successful and unsuccessful breeders in the probability of remaining in the breeder stage is rather small for the Black-browed Albatross, it is known to be much greater for other albatross species ); thus, we have designed the model to accommodate such differences. Three nonbreeder stages are specified. If birds in the nonbreeder stages SNBa and UNBa in the year following a breeding attempt remain nonbreeders for one or more additional years, they enter the nonbreeder stage (NBb). As long as they survive, they remain in this stage until they become breeders again with probability m NBb . An adult bird can thus re-enter the breeder stage from all three nonbreeder stages.
Unlike the case of the Wandering Albatross Diomedea exulans (Tuck et al. 2001) , no density dependence in parameter values was detected . Thus, the model is expressed as a density-independent matrix A that provides the parameters for projecting a vector n of all stages from time t to t ϩ 1 as n ϭ An tϩ1 t
(1) (Caswell 2001) . Equations formulating each element a i,j of matrix A are given in the Appendix. These equa-FIG. 1. Life cycle diagram for the Black-browed Albatross. Key to variables: m is the probability of transition to the next stage; s is survival, by stage; f B is reproductive success (expressed as production of fledged young) of breeding females; and Pr S and Pr U are the probabilities of remaining in the breeder stage if successful or unsuccessful, respectively, at breeding (see Table 1 ).
tions can easily be modified to include any form of density dependence.
Model analyses
We obtained lambda, the population rate of increase, from analytical eigenvalue analysis of the projection matrix A (Caswell 2001 ). For population projections through the census period , annual A matrices were constructed using parameter values from census and mark-recapture analysis results. Sensitivities and elasticities (proportional sensitivities) of lambda to A matrix elements were calculated as
i,j
To obtain sensitivities of lambda to lower-level parameters x, i.e., the survival probabilities, maturation probabilities, and reproductive success listed in Table 1 , the chain rule was used: (Atkinson et al. 2004 ). The LTRE results measure the contribution of each lower-level parameter value to differences in lambda between the two periods. The contribution C x of each parameter x to the difference in lambda between the two periods was calculated as vival, to a change in lambda, is therefore a product of the change in value of this parameter between the two periods, and of the sensitivity of lambda to this parameter. This calculation goes one step further than a sensitivity analysis in asking, ''What actual change in the life cycle between the two periods has had the largest role in the observed change in lambda?' ' We explored the effect of the population decline on population age structure by comparing the stable stage distributions resulting from the mean A matrices for the two periods.
Pseudoextinction was defined as a population decline to a size of Ͼ25 breeding pairs. This was an arbitrary designation based on a minimum number greater than one pair, due to the colonial nature of the species. Because of potential Allee effects, a larger number may actually be necessary for persistence of the species, but is unknown. We defined, for early and late periods, four potential scenarios for changes in vital rates: (1) no change from annual values in each period; (2) annual late juvenile survival rates reduced by 2% (equivalent to the modal annual change in adult survival between 1976 and 1998); (3) reproductive success reduced by 40.5% (approximately equal to the decline observed in this parameter between pre-and post-1988 periods); (4) adult survival reduced by 2% (equivalent to the modal annual change in this rate between 1976 and 1998). To measure pseudoextinction probability, i.e., the risk of population decline to fewer than 25 pairs, 1000 simulation runs of 250 years were performed with values from each period and each scenario, and the proportion of the runs resulting in pseudoextinction after a given time horizon was noted. The simulations were run by picking at random (with equal probability), with replacement, one of the annual projection matrices at every time step of a simulation, to multiply with the vector n t ; this was done in turn using the set of annual A matrices from the pre-1988 period and from the post-1988 period. The initial population size was 9539 individuals (i.e., the size of the population at Bird Island, South Georgia in 1995) distributed among the stages according to the stable stage distribution obtained by the mean matrix for the period of concern.
Recovery scenarios, based on return to the threshold lambda required to change the IUCN Red List status of this species, were obtained by running 1000 10-year simulations of the post-1988 period; as in the pseudoextinction calculations, yearly parameter matrices were selected randomly. For these simulations, we asked, ''What change in survival for all stages is necessary for this species to be either within or outside threshold lambda values required for designation as Endangered and Vulnerable under IUCN rules?'' (IUCN 2002). Although IUCN criteria are not formulated in terms of threshold or minimum lambda values, they could be. Thus, a 50% population decline over 10 years (an ''Endangered'' criterion) is obtained with a lambda value of 0.933 or lower for 10 years; a 20% decline (a ''Vulnerable'' criterion) is obtained with a lambda of 0.978 or lower (Caswell 2001) .
RESULTS
Validation of model
We validated the fit of the model in two ways. We projected the trajectory of colony H at Bird Island, starting with its initial size of 230 pairs and using a projection matrix with annual parameter values from 1976 to 1998 (Table 1) obtained from the literature and unpublished data. For this analysis, the actual annual vital rates calculated for survival, fecundity, and other demographic parameters were used, rather than means estimates from each period. We compared this with the actual trajectory for this colony from breeding colony censuses during the same period. The comparison (Fig.  2) shows a very close fit of model projections to annual field counts (Pearson correlation coefficient r ϭ 0.959). The mean rate of increase, (lambda ϭ 0.936) is equivalent to a 6.4% population decline per year.
We also ran the model with only one initial cohort of 1000 individuals entering the first juvenile stage (J2), to validate the model predictions of progression through juvenile stages and age at maturity. The range of age at maturity, as projected by our model, closely mimics the natural population (Fig. 3) . Long-term data indicate that, in the natural population, individuals recruit between ages 7 and 19 years (age at recruitment 10.3 Ϯ 0.25 years, mean Ϯ SE) (J. P. Croxall, P. A. Prince, and A. G. Wood, unpublished data) . In our model, the first individuals enter the breeding population at age 7, most individuals have recruited by age 17, and the mean age at recruitment is between ages 11 and 12 years. Although the model results in a later mean age at maturity than was measured on Bird Island, our sensitivity analysis shows that the population rate of increase is very insensitive to changes in m LJ , the parameter controlling how fast individuals move from late juvenile to adult age classes. Both observed and modeled distributions of age at maturity are skewed to the right; in our model, 50% of the individuals first breed by age 9 years.
Sensitivity
Sensitivity analysis (Table 1) suggests that changes in adult survival will have the greatest effect on lambda. With a sensitivity of 0.965, a small change in adult survival will produce a large change in lambda. Relative to changes in adult survival, lambda is considerably less sensitive to reproductive success (sensitivity ϭ 0.026), late juvenile survival (sensitivity ϭ 0.033), and early juvenile survival (sensitivity ϭ 0.021). Sensitivities of all remaining matrix elements do not exceed 0.01.
Comparing pre-1988 to post-1988 conditions
For both periods, most annual lambda values are below 1.0, indicating population decline (Fig. 4) . However, pre-1988 values for lambda are significantly higher than post-1988 values (t 21 ϭ 3.42, P ϭ 0.001), suggesting that conditions have deteriorated in recent decades. Using the mean parameter values to obtain an overall lambda for each period (pre-1988, 0.963; post-1988, 0 .910), we obtain a 0.053 decline in lambda between the two periods. Our basic sensitivity analysis shows that population growth rate is most sensitive to changes in adult survival. This parameter has changed from a pre-1988 annual rate of 0.957 to a post-1988 rate of 0.909 (Table 1) . However, to understand which factors have made the greatest contribution to the decline in lambda between the two periods, it is necessary to use both the sensitivity of lambda to the parameters and the measured difference in the parameters between the two periods. We used a life table response experiment (LTRE) to examine the combined effects of these factors (Fig. 5) . Although the decline in adult survival over the two periods is considerably less than that of early juvenile survival, adult survival has the greatest impact on the decline in lambda because of lambda's high sensitivity to this parameter. Conversely, the large reduction in early juvenile survival measured over the same period has had a lesser influence on lambda because of the low sensitivity of lambda to this rate. Declines in reproductive success had the third strongest effect on lambda due to both mid-level sensitivity and the large decrease in this parameter's value between the two periods (Fig. 5) .
The pre-1988 stable stage distribution is composed of 10.7% early juveniles, 10.7% late juveniles, and 78.6% adults, with 79.5% of these being breeders. Post- Table Response Experiment (LTRE) for the Black-browed Albatross at colony H, South Georgia. Plots represent lambda sensitivity values from the matrix analysis, differences in actual measured values for vital rates between the two periods, and contributions of each vital rate to the observed decline in lambda, respectively. Except for SB (successful breeders) and UB (unsuccessful breeders), stage abbreviations are listed in Fig. 1 . Declines in survival of breeding adults make the greatest contribution to the observed decline in lambda between the pre-1988 and post-1988 periods. ''Return'' indicates return to breeding. Note that contributions from LJ survival, LJ maturation, and NBb return cannot be calculated because data on differences in these values between the two periods are not available.
1988, the distribution has shifted to 4.5% early juveniles, 2.7% late juveniles, and 92.8% adults, with 79.6% of these being breeders. This suggests that the population is moving toward a state in which a larger percentage of individuals will be in the adult stages. As a result, lambda becomes even more sensitive to changes in adult survival in the post-1988 period compared to the pre-1988 period, and less sensitive to other vital rates. This is demonstrated by comparing the differences in sensitivities between early juvenile and adult survival for the two periods (pre-1988, 0.0292 vs. 0.9454; post-1988, 0.0124 vs. 0.9837) . We acknowledge that the evidence for this shift is built on the assumption that the population reaches an asymptotic state, and that this is unlikely, given the time frame of our study and the variance in the vital rates. However, it is clear that if conditions continue as they are, this directional shift to a greater percentage of adults in the population will continue to be realized.
Pseudoextinction probabilities
If vital rates remain the same as current rates (i.e., post-1988 conditions), there is a 98% probability of pseudoextinction in 78 years (Fig. 6) . Even if the situation improves to pre-1988 conditions, the model predicts a 98% risk of pseudoextinction in 193 years. As expected from our sensitivity analysis, the greatest extinction threat to the Black-browed Albatross comes from an increase in adult mortality. If an additional 128 mature females were killed annually, the equivalent of a 2% decrease in adult survival, there would be a 98% chance of pseudoextinction in just 63 years (15 fewer years than status quo) in a post-1988 regime, or in 124 years (69 fewer years than status quo) under pre-1988 conditions. Declines in juvenile survival did not contribute substantially to increased extinction risk. However, adult and juvenile survival declines are treated as separate scenarios in Fig. 6 , but probably would be simultaneous in reality, with additive effects on extinction risk. Additional declines in reproductive success, or increased incidence of years with no reproduction, will increase the probability of pseudoextinction. A further reduction in reproductive success, 40.5%, equal to the decline observed between pre-and post-1988 periods, would only reduce time to pseudoextinction by two or three years compared to status quo under current conditions. If pre-1988 conditions prevailed, this reduction would decrease the time to pseudoextinction by 16 years. Thus, under current conditions, the effect of a 2% decrease in adult survival on pseudoextinction probability is considerably larger than a 40.5% decrease in fecundity.
Recovery scenarios
Under status quo at post-1988 conditions, Ͼ90% of simulated 10-year runs had a rate of increase lower than 0.933, the threshold lambda value equivalent to the IUCN criterion of a 50% decline over 10 years used to list a species as ''Endangered'' (Fig. 7a) . For this species to be downlisted to the ''Vulnerable'' category, its lambda would have to rise above threshold value for an ''Endangered'' listing, but remain below the threshold value for a ''Vulnerable'' listing, 0.978 (equivalent to a 20% population decline over 10 years). This downlisting would require a 5% increase in survival rates for all stages compared to their post-1988 values (Fig. 7b) . For a change in population status from ''Endangered'' to complete delisting, the rate of increase must be above the ''Vulnerable'' threshold of 0.978 most of the time. For this to happen, all survival rates must be augmented by at least 10% of their post-1988 values (Fig. 7c) ; under these conditions, the risk of obtaining a rate of increase below 0.978 is 6.8%.
DISCUSSION
Population modeling in albatross conservation
Natural resource managers are increasingly faced with making regulatory and conservation-based decisions for long-lived species that spend most of their lives in remote places. Even if accurate information on vital rates is available, understanding the sensitivity of these populations to anthropogenic or environmental influences is difficult. Their remote and wide-ranging lifestyles make such effects difficult to observe in the field. For long-lived species, population-level effects may not be detectable for years or even decades. This paper illustrates the effectiveness of using a population trajectory model to elucidate population-level effects of anthropogenic stressors before the threat of extinction.
Our results demonstrate that even the most populous species of albatross is at risk of extinction within a few decades. Although there are many threats to albatross populations, the most likely factors contributing to declines of Black-browed Albatross are mortality from fishing operations and a decrease in krill abundance. These two factors, respectively, will mainly decrease adult survival and reproductive success (although the direct link between reproductive success and krill abundance has been difficult to make). Increased mortality from fishing is also expected to have an important influence on juvenile survival either directly (long-lining) or indirectly (prey availability) . Using data from the 12 years prior to and 11 years after the inception of longline fisheries in their summer feeding areas, we took advantage of the rare opportunity to evaluate population-level changes concurrent with this major change in fishing practice. This use of matrix models in a natural experiment has enabled us to describe a quantitative link between population declines and longline fisheries that has been historically difficult to demonstrate because of the relatively frequent occurrence of illegal fisheries and deficient reporting of bycatch incidents. Our model shows that, in this species, declines in adult survival have made by far the greatest contribution to population declines in the last two decades. From our projections, a decrease in adult survival by 2% reduces the time to pseudoextinction by 15 years, bringing time to pseudoextinction to 63 years. Changes in reproductive success or juvenile survival have also caused a reduction in lambda, but this impact is relatively small compared to that on adult survival (Table 1, Fig. 5) .
Our model suggests that the Black-browed Albatross colony at South Georgia has been declining since at least 1976 and that the rate of decrease has become steeper in the last decade, as illustrated by the 0.053 decrease in lambda between the pre-and post-1988 periods. In the last decade of our study, 1988-1998, longline fisheries have intensified (beginning in the summer foraging range), while trawl fisheries, of potential net benefit, have diminished within the range of the Black-browed Albatross , Nel et al. 2002 , Woehler et al. 2002 . Although it seems clear that the current longline efforts are a threat to albatrosses worldwide, recent data from trawl fisheries near the Falklands suggest that early trawl fisheries, assumed to provide a positive net benefit for albatrosses, actually may have been responsible for a larger mortality than previously assumed (Sullivan and Reid 2004) . As a result, colonies exposed to trawl-fishing activities may not have experienced a net benefit in demographic terms. This may explain the negative lambda values in the early years of our study. Additionally, although trawl fisheries around South Georgia are no longer in operation, trawl fisheries in the range of other albatross colonies (e.g., Falkland Islands), may be a source of both juvenile and adult mortalities (Sullivan and Reid 2004) .
Black-browed Albatrosses are highly dependent on krill and krill-eating forage fish. In 1986, the diet of Black-browed Albatrosses at South Georgia consisted of 39.4% crustaceans and 29.5% fish. The most numerous fish species identified in their diet (77%) was Patagonotothen guntheri, which feeds predominantly on krill. The remaining 23% of the fish species in their diet were also predominantly krill-eating fish (Reid et al. 1996) . The increased frequency of years with limited sea-ice cover and low krill production throughout our study (Loeb et al. 1997 , Reid and Croxall 2001 ) may have affected adult reproductive success through poorer provisioning of offspring by parents (Huin et al. 2000, Reid and . The reduced reproductive success that we measured between the two decades in the LTRE analysis (Fig. 5,  Differences) is more likely to have been caused by such environmental changes than by human causes.
Between 2000 and 2002, the global conservation status of the Black-browed Albatross was changed from ''Low risk/near Threatened'' to ''Vulnerable'' (BirdLife International 2000 , IUCN 2002 ) and very recently it was changed to ''Endangered' ' (BirdLife International 2004) . Under IUCN criteria, a population decline by 50% or more within 10 years or three generations qualifies for listing a species as ''Endangered.'' This corresponds to a population growth rate of ϭ 0.933, or an annual rate of decline of 6.7% over a 10-year period (i.e., ϭ 0. (Fig. 7a) , lambda can be as low as 0.860 and there is only a 7% chance that lambda will be higher than the ''Endangered'' threshold. Assuming that the dynamics of this colony are a good proxy for most other colonies worldwide, our results strongly support the listing of Blackbrowed Albatross as ''Endangered.'' Although our model is based on data from only one colony at Bird Island, all other colonies there have decreased since 1990 ); a recent survey reports decreases from most other sites at South Georgia (S. Poncet and G. Robertson, unpublished data) . Furthermore, the species is declining in other parts of its range as well. The largest population of Black-browed Albatrosses, at the Falklands, has decreased by 25% in the last 20 years, probably due to longline (and possibly trawl) fishing (Huin 2001, Sullivan and Reid 2004) . Populations in the French subantarctic islands in the Indian Ocean have also shown recent declines (Weimerskirch and Jouventin 1998) . Heard Island, Indian Ocean (Australia), and Campbell Island, New Zealand both have shown slight increases in recent years, but are small populations that are likely to show declines in the near future as a result of increased longline fishing effort in their year-round feeding areas (Woehler et al. 2002) .
Applicability of model to other albatross species and populations
The model structure was devised to be applicable to albatross species in general. Four main characteristics of albatross life cycles served as our blueprint: the long juvenile period, variability in age at maturity, intraspecific differences in breeding frequency between successful and unsuccessful breeders, and interspecific differences in the probabilities of skipping years between breeding attempts. Among albatross species, the average juvenile period varies between 8 and 12 years and no birds have been known to become mature before the 4th year. By having the early juvenile age classes be followed by a late juvenile set of classes, we separate birds that cannot yet become mature from those that can. The structure of the late juvenile block of stages provides an appropriate minimal delay for the first birds to reach maturity (seven years for Black-browed Albatrosses at South Georgia); each of the four pseudostages is used as an age class, with longer delays provided by the probabilities of remaining in each pseudostage. The range of ages at which maturity is reached can be controlled with the parameters of the negative binomial distribution for the pseudostages: the number of pseudostages (the parameter k of the distribution), and the rate of passage from one pseudostage to the next (the parameter m LJ ). This rate is estimated from the mean and variance of age at maturity in the natural population.
Although the Black-browed Albatross does not show a large difference between successful and unsuccessful breeders in rate of return to breeding, bigger differences exist in other species. For example, Wandering Albatrosses are essentially biennial breeders: breeders that are successful in year n will not breed again in year n ϩ 1 ). This is not surprising for a long-lived species for which the average period between mean fledging date and initiation of laying for the next season is only about 5 days (Tickell 1968) . Unsuccessful breeders may breed in year n ϩ 1 if their breeding attempt fails less than halfway through the season (year n). We allow for such differences to be modeled through differences in rates of return to breeding for successful (1 Ϫ m SNBa ) and unsuccessful breeders (1 Ϫ m UNBa ); the structure also allows for different survival rates between these two classes. A biennial breeding schedule is modeled by setting the rate of return to breeding for successful breeders to zero, with the probabilities of failed breeding early in the season affecting the rate of returning to breed in the following year. This creates a two-year loop of ''breeder-nonbreeder a'' and back to breeder. However, for species with biennial breeding, not all individuals breed in year n ϩ 2. Thus, the final stage of the model, nonbreeding adults (NBb) that were nonbreeders the previous year, provides a flexible number of years between breeding attempts. Tuck et al. (2001) modeled the impact of fisheries on two populations of Wandering Albatrosses, and found that their model was a good fit for the Bird Island and Crozet Islands populations up to the late 1980s, but thereafter did not accurately describe the Bird Island population. Although they designed it for a somewhat different purpose (estimation of bycatch by fisheries), Tuck et al. (2001) used a life history structure similar to the one that we suggest for our model. They used age, rather than stage structure (a different representation of the life cycle), and applied a single age at first breeding rather than a distribution. Density dependence, applied to juvenile survival for the Wandering Albatross, similarly can be incorporated in our model structure by setting lower-level parameters as functions of the numbers of individuals in one or more stages. Future work on effects of density dependence and individual differences in reproductive success is warranted.
Management implications
The results of our sensitivity analysis suggest that management actions should be aimed at increasing adult and juvenile survival rates. As discussed earlier, bycatch in longline fisheries may be an important source of mortality for Black-browed Albatross. Observers should be deployed on fishing vessels to document encounter and mortality rates of Black-browed Albatross. Likewise, reliable catch-reporting protocols should be established to enable an analysis of the seasonal and spatial overlap of commercial fishing operations and Black-browed Albatross. However, even with optimum observer reporting from regulated fisheries, the lack of bycatch data from illegal and unregulated fisheries may still compromise attempts to accurately model albatross-fishery interactions and their implications for albatross demography. Adults are likely to come into contact with longliners both locally where they breed and more widely in the areas that they frequent during the nonbreeding season. From our model projections, the population age structure has shifted from 78.6% adults to 92.8% adults, suggesting an increase in the sensitivity of lambda to changes in adult mortality. Increased mortality, however, is also an issue for both juvenile groups. Young juveniles are probably critically dependent on the conditions in the Benguela current, South Africa, which is their primary destination after fledging . As a result, they may be particularly attracted to fishery operations in this region (traditionally trawls, but more recently including longliners) (Phillips et al. 2005) . Older juveniles will have survived their first experiences in the Benguela, but a proportion travel farther east into the Indian Ocean and have more chance of interacting with the greater range of fisheries, especially longline, that are widespread in this region.
Most incidental mortality of albatrosses associated with fisheries can be drastically reduced by relatively simple modifications to fishing practice: appropriate treatment of waste and offal, simple deterrents to trawl nets, or changes in trawling technique. Mitigation of albatross bycatch in longline fisheries is more complex, but invariably involves some combination of streamer Ecological Applications Vol. 16, No. 1 lines to prevent birds from accessing the baited hooks before they sink, additional weighting on the line so that hooks sink, and fishing at night or outside the albatross breeding season. Where these measures have been used in concert, as in South Georgia waters, a 100-fold reduction in the number of birds killed in fishing operations has been achieved over less than five years (CCAMLR 2002, Croxall and Nicol 2004) . Streamer lines alone, when properly constructed and deployed, can reduce mortality by ϳ70%. Unfortunately, at present, a minority of regulated fisheries (and probably no illegal, unregulated, and unreported fisheries) use these methods. In these circumstances, it seems appropriate to advocate the mandatory use of appropriate suites of measures designed to eliminate (or minimize) incidental mortality of albatrosses in those longline fisheries whose distributions overlap with those of albatross.
Our simulations indicate that a decrease of at least 10% in mortality rate for a 10-year period is needed to remove Black-browed Albatross from the ''Endangered'' category and allow them to be delisted, if all other parameters remain at their post-1988 levels. This requires a near-total reduction in bycatch mortality in adults, because the fate of this long-lived species hinges mostly on adult survival. Even with this goal achieved, the species' rate of increase would still remain close to a lambda of 1, a point of no growth. This is due to the particularly low natural lambda for this species, and for albatrosses in general (a characteristic of long-lived species with low reproductive rates), the very reason why albatross populations have been reduced so quickly by fishery bycatch. This low natural growth rate also means that recovery to historical levels will take decades, even under strict regulations and enforcement.
Reductions in reproductive success may also play a role in the decline of South Georgia Black-browed Albatross. These effects are both direct and indirect. First, climate-induced habitat erosion appears to be causing more reproductive failure in recent years, particularly for south-facing colonies . Second, adults are highly dependent on krill and krill-eating fish for provisioning their young (Croxall et al. 1997 ). An increase in the number of years with low sea-ice in the Scotia Sea has been linked to years of low krill availability (Loeb et. al. 1997 , Croxall et. al. 2002 , itself positively correlated with poor reproductive success of the Black-browed Albatross . The magnitude of these effects and the demographic consequences of declining krill are currently unknown, but our LTRE analysis shows that the contribution of reproductive success to the change in lambda between the pre-and post-1988 periods is 34% (probably attributable to changes in krill availability). Juvenile survival, the change in which can be attributed to both fisheries bycatch and changes in krill availability, is responsible for 8.6% of the change in lambda between the two periods; adult survival contributed 88.0%. Although both threats (changes in krill availability and increased bycatch mortality) impact the populating growth rate, there is no possible direct human intervention to mitigate the changing frequency of years of poor krill abundance. However, the incidence of bycatch mortality can be controlled because it is due to human intervention.
Conclusions
Our model forecasts that if the vital rates for Blackbrowed Albatross do not increase soon, at least the South Georgia population may face extinction in this century. Although total numbers for this species throughout its range are still higher than those for other albatross species, and no local population extinctions have yet been reported, the consistent and rapid rate of decline of the Bird Island population, its short extinction horizon, and the need for a large reduction in mortality for recovery reinforce the recent decision by IUCN to list it as ''Endangered' ' (BirdLife International 2004) . In the space of just five years, Blackbrowed Albatrosses have moved from near-threatened to endangered, rendering them possibly the most threatened of all albatross species in terms of rate of population decline.
The high mortality that many, if not most, albatross species suffer as a result of longline fishing is clearly an obstacle to achieving population recovery and improving conservation status, and mitigation is feasible. Additional potential threats come from reduced reproductive success as a result of declines in krill abundance, and potential indirect effects of declining krill abundance on survival through a change in the forage base and an increased tendency for the birds to seek fishing vessels for food. We urge managers, conservationists, and politicians to take immediate actions to implement now the known measures that would drastically reduce fisheries-related mortality for this species. This needs to be accompanied by improving the management of bycatch and incidental mortality by all Regional Fishery Organizations, thereby taking a major step toward restoring the conservation status of the world's albatrosses.
We are confident that our model can be easily adapted for other albatross species and encourage researchers to use the model to evaluate extinction and recovery possibilities for these species. Demographic data for many albatross species remain untested by modern analysis; our model should provide an excellent basis for evaluating population status and trends, including estimating extinction and recovery probabilities.
